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Microplastic fibres (MPFs) often make up the largest fraction of microplastic pollution in aquatic envi-
ronments, yet little is known about their degradative fate and persistence. This study investigates the
environmentally relevant photodegradation of common MPFs: polyester (PET), polyamide (PA) and
polyacrylonitrile (PAN), their respective additive chemical profile, together with their potential for ad-
ditive leaching. MPFs were subject to ultraviolet (UV) exposure in seawater and freshwater media over 10
months. PET and PA MPFs showed significant fragmentation and surface changes following UV exposure,
additionally PA showed evidence of chemical changes. PAN did not undergo significant photodegradation
in the same exposure period. Chemicals tentatively identified in MPFs and aqueous leachates via non-
target gas chromatography-mass spectrometry include monomers, UV stabilisers and degradation
products. Characterisation of several bisphenols (BPs) and benzophenones (BzPs) was performed via
ultraperformance liquid chromatography tandem mass spectrometry. Bisphenol A, bisphenol S and
benzophenone-3 were quantified in all MPFs and wool at concentrations between 4.3 and 501 ng/g, with
wool displaying the highest sum concentration of BPs and BzPs at 863 and 27 ng/g, respectively.
© 2020 The Author(s). Published by Elsevier Ltd. This is an open access article under the CC BY license

(http://creativecommons.org/licenses/by/4.0/).
1. Introduction

Microplastics (MPs; 1 mm to 5 mm) are found ubiquitously
across the globe in freshwater, marine and terrestrial ecosystems
(Andrady, 2011). In the marine environment, microplastic fibres
(MPFs) account for ~91% of MP pollution and originate from a va-
riety of sources, including carpeting, textiles, upholstery, synthetic
fishing nets and ropes (Koelmans et al., 2019; Murphy et al., 2016).
Up to 60% of textiles produced globally are synthetic, with the main
polymers used being polyester (PET), acrylic (polyacrylonitrile;
PAN) and nylon (polyamide; PA) (Barrows et al., 2018; Lenzing,
2017). Although PET, PA and PAN garments release fibres during
domestic washing, direct comparison between studies is chal-
lenging due to a lack of standardised reporting (Carney Almroth
et al., 2018; Cesa et al., 2020; De Falco et al., 2018; Napper and
Thompson, 2016). Many studies on fibre release documented that
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PET sheds the most fibres when tested alongside other common
synthetic textiles (Carney Almroth et al., 2018), with estimates that
6 million MPFs can be released from a 5 kg load of PET textiles (De
Falco et al., 2018; Napper and Thompson, 2016). Although waste-
water treatment plants (WWTPs) have been shown to effectively
remove MPs (including MPFs) from influents (up to 99%) and retain
them in activated sludge, an estimated 1 � 105e1 � 107 MP parti-
cles are discharged in final effluent to the aquatic environment
daily in some regions (Freeman et al., 2020; Koelmans et al., 2019;
Mason et al., 2016; Mintenig et al., 2017; Murphy et al., 2016).
Furthermore, MPs retained in sludge can also enter the aquatic
environment via run-off (Corradini et al., 2019; Nizzetto et al., 2016;
Zhang et al., 2020).

Owing to their durability, MPFs (and other MPs) may be
considered as persistent pollutants in the environment. MPFs can
be subject to several degradative processes in marine and fresh-
water environments, including photodegradation (UV catalysed
oxidation), hydrolysis, biodegradation and mechanical degradation
(Gewert et al., 2015; Zambrano et al., 2020, 2019). Photo-
degradation is a vital process for the environmental weathering of
le under the CC BY license (http://creativecommons.org/licenses/by/4.0/).
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polymers in aquatic environments (Andrady, 2011; Gewert et al.,
2015). Although available data concerning the environmental
degradation of MPFs is scarce, they are expected to degrade simi-
larly to other MPs. Qualitative signs of photodegradation include
polymer discoloration and surface cracking (Da Costa et al., 2018;
Gewert et al., 2015). These degradation processes increase the
polymer surface area and cause embrittlement, which in combi-
nation with mechanical forces (e.g. wind, waves, etc), result in
increasing fragmentation, and ultimately, mineralisation by mi-
crobes to CO2 (Da Costa et al., 2018; Gewert et al., 2015).

Chemical additives are added to polymers to impart desirable
physical, chemical and even biological (e.g. antimicrobial) proper-
ties, improve performance and increase functionality (Chequer
et al., 2013; Cole, 2016; Darbra et al., 2012). These chemicals are
typically not covalently bonded to the polymer matrix and are
therefore expected to leach more readily into the aquatic envi-
ronment (Hermabessiere et al., 2017). Degradation is expected to
further increase the potential for additive chemical leaching (Wang
et al., 2018). Studies indicate chemical leachates from pristine and
UV-weathered plastics can lead to a range of toxicological re-
sponses, including oxidative stress activation and increased in-
duction in algae and cells (Capolupo et al., 2020; Rummel et al.,
2019). As little is known about the occurrence of potentially toxic
chemicals in textiles, it is therefore necessary to characterise which
additives are present in MPFs and how they leach into aqueous
media under conditions that simulate environmental degradation
processes.

Bisphenols (BPs) and benzophenone UV-filters (BP-UV filters;
BzPs) are two high production volume additive chemicals
(Asimakopoulos et al., 2014b, 2014a). BPs are widely used in the
manufacture of various plastics and include several analogues; the
most prominent being bisphenol A (BPA) (Asimakopoulos et al.,
2014a). In textile manufacturing, BPA is used as a coating and in-
termediate chemical in the manufacture of dyes and antioxidants
and was recently detected in a range of garments (Wang et al.,
2019; Xue et al., 2017). While BPA is extensively researched, con-
centrations of other BPs and possible exposure pathways remain
largely understudied. BzPs are frequently applied as UV filters in
plastic products to prevent or reduce UV-induced degradation
(Asimakopoulos et al., 2014a) and are used for this reason in the
textile industry to increase product lifetime (Xue et al., 2017).

The current study investigates the long-term environmental
degradation of the commercially important MPFs, including PET, PA
and PAN. The objectives of the study were to: i) investigate UV
degradation of MPFs in marine and freshwater environments using
optimised UV exposure conditions that represent environmental
conditions; ii) assess additive leaching under different environ-
mental conditions; and iii) investigate the occurrence of selected
multiresidue plasticizers, BPs and BzPs in MPFs and their aqueous
leachates.

2. Materials and methods

2.1. Chemicals and materials

Methanol (MeOH) was purchased from Merk (Darmstadt, Ger-
many), dichloromethane (DCM) from Rathburn (UK), n-hexane and
isopropanol (IPA) from Fluka Analytical (Steinheim, Germany) and
ethyl acetate (EtOAc) and ammonium acetate from Sigma-Aldrich
(Steinheim, Germany). A 37% (v/v) solution of hydrochloric acid
(HCl) and sodium sulphate (Na2SO4) were purchased from Merck
(Darmstadt, Germany). BP and BzP analytical standards were pur-
chased from Sigma-Aldrich (Steinheim, Germany) (Supplementary
Information, SI). Isotopically labelled internal standards were pur-
chased from Cambridge Isotope Laboratories, Inc. (Massachusetts,
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United States) (SI). Deuterated polycyclic aromatic hydrocarbon
(PAH) standards were purchased from Chiron AS (Trondheim,
Norway). Colourless Richard-Allan Scientific™ Neg-50™ frozen
section medium (glycol solution) was purchased from Thermo
Fischer Scientific (Massachusetts, United States). Natural seawater
was collected from a depth of 90 m in the Trondheim fjord and
sterile filtered (0.22 mm, Sterivex®) prior to use. Freshwater media
(TG 201) was prepared according to OECD Guideline 2011 (OECD,
2011) as detailed in the SI.

Polyester (PET), polyamide (PA), polyacrylonitrile (PAN) and
treated wool were supplied by commercial textile producers
(Table S1). Wool is a popular fibre for use in textiles, especially in
colder climates and was selected as a natural fibre reference in the
additive chemical profiling studies. MPFs from the synthetic yarns
were prepared with minor modifications according to Cole (2016).
Briefly, yarns were wrapped around a custom-made spool (Fig. S1),
covered in glycol medium and kept frozen at �80 �C before being
sectioned to 1e2.5 mm using a scalpel. Sectioned MPFs were
collected, rinsed with Milli-Q water, filtered (0.45 mm cellulose
filters, MF-Millipore) and dried at 40 �C for 75 h in covered Petri
glass dishes.

2.2. Exposing MPFs to UV light

MPF UV exposure experiments were performed in artificial
freshwater media or natural seawater using an Atlas Suntest
CPS þ instrument fitted with a Xenon lamp (1500 W) and daylight
filter, with intensity regulated at 300e400 nm. Irradiation was
conducted at 65 W/m2 and the temperature in the exposure
chamber wasmaintained at 24 ± 3 �C. Control samples were kept in
the dark at room temperature (20 ± 1 �C). Sampling was conducted
after 153 (~5 months) and 291 days (~10 months), which corre-
sponded to ~1452 days (4 years) and ~2761 days (7.5 years) of mean
European solar irradiance exposure, respectively (details in SI)
(Gewert et al., 2018). MPFs were isolated by filtration (40 mm,
Corning® sterile nylon cell strainer), rinsed thoroughly with Milli-Q
water and dried at 40 �C for 76 h. A detailed description of the
methodological approach is provided in the SI. The extent of UV-
induced MPF degradation was assessed using a combination of
light microscopy, scanning electron microscopy (SEM) and atten-
uated total reflectance-Fourier transform infrared spectroscopy
(ATR-FTIR) to investigate changes in fibre length (fragmentation),
surface morphology and polymer chemistry.

2.3. Physical characterisation of MPFs

All light microscopy was performed using a Nikon Eclipse E200
microscope and post-processed in ImageJ® (Schneider et al., 2012).
The scale was set according to the objective lens used and cali-
brated using a stage micrometre slide. The length distribution of
the sectioned pristine MPFs was determined, as shown in the
supplementary information (SI, Fig. S4). The length distributions of
UV-exposed and control MPFs were likewise determined using the
same approach, whereMPF lengths weremeasured manually using
the measure function in ImageJ®. At least 30 MPFs were measured
in each sample, with up to 250 individual fibres measured where
images contained numerous MPFs (e.g. after UV exposure). Prior to
statistical analysis, 30 measurements from each data set were
randomly selected using a random number generator to avoid
sampling bias (“Random Integer Generator,” 1998).

Differences in the surface structure of the pristine, degraded and
control MPF samples were qualitatively studied using scanning
electron microscopy (SEM). All SEM was performed using a Zeiss
Ultra 55LE field emission SEM (FEG-SEM, Carl Zeiss AG), with
samples thinly coated in a layer of gold (Au) via low vacuum
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sputtering (Edwards S150b Gold sputter coater, Edwards, UK) to
minimise charge build-up. SEM images were captured at 10 mm
working distance and a 2e10 kV accelerating voltage. Images were
captured at 3 different magnifications (x100, x500 and x2000) to
allow for both an overview of the sample and a detailed exami-
nation of the surface morphology. Scale bars were added in
ImageJ®.

2.4. Polymer composition of MPFs

To investigate changes in polymer composition following UV-
light exposure, ATR-FTIR was performed using a Bruker ALPHA
ATR-FTIR spectrometer equipped with a diamond crystal. For each
sample, three spectra were recorded at 4 cm�1 resolution with 47
scans (700e4000 cm�1). Background subtraction, baseline correc-
tion and normalisation were performed in OPUS. The spectra were
investigated with respect to changes in peak and relative in-
tensities. Carbonyl index is a measure of photodegradation and has
been employed in degradative studies on polyethylene and poly-
propylene, as well as characterisation of weathering in environ-
mental samples (Allen and Edge,1992; Rouillon et al., 2016; Sathish
et al., 2019). The carbonyl index in the current study was calculated
as the peak intensity ratio between a carbonyl peak at ~1700 cm�1

and a specific reference peak unique to each textile type (Karlsson
et al., 2018). For PET this was 1407 cm�1 (nC¼C), for PA this was
932 cm�1 (nC-CO) and for PAN this was 1360 cm�1 (CH bend)
(Porubsk�a et al., 2012).

2.5. Aqueous leachate studies

Short-term aqueous leachates of PET, PA and PAN MPFs and
wool were obtained by shaking 350 mg of 5 mm fibres in 35 mL
(10 mgMPFmL�1) of filtered seawater (5 and 20 �C) and freshwater
media (20 �C). Blank control samples without MPFs were included.
The two different seawater temperatures chosen to reflect sea
temperatures found in both temperate regions (20 �C) and more
polar regions (5 �C). Samples were shaken on a Gerhardt shaking
table (horizontal motion) at ~2e3 Hz. After 14 days, leachate
samples (2 mL) were isolated from MPFs (40 mm, Corning® sterile
nylon cell strainer) for non-target chemical profiling and target
analysis of BPs and BzPs. Long-term aqueous leachates of each MPF
were produced and sampled as part of the UV exposure study
described above (section 2.2) but generated using lower MPF
concentrations (1 mg mL�1) and sample volumes (10 mL) than the
short-term study.

2.6. Non-target chemical profiling

Non-target chemical profiling was conducted both on the pris-
tine MPFs and on the freshwater and seawater leachate solutions
(from both long-term and short-term studies). To determine the
chemicals present in the pristine PET, PA, PAN and wool yarns,
samples were prepared and analysed according to Cole et al. (2019).
Details of the MPF and leachate extraction and sample preparation
approach are presented in the SI. All non-target samples were
analysed using an Agilent 7890A gas chromatograph (GC) equipped
with an Agilent 5975C mass spectrometer (MS). The inlet was set at
250 �C, the transfer line at 300 �C, the ion source at 230 �C and the
quadrupole at 150 �C. The carrier gas was helium with a constant
flow rate of 1.1 mL/min. The sample (1 mL) was introduced via
pulsed splitless injection. An Agilent DB5MS ultra-inert column
(30 m, 0.25 mm film thickness, 0.25 mm i.d.) was used and the GC
oven was held at 40 �C (2 min), ramped by 6 �C/min to 320 �C for a
20 min hold. After a 12 min hold time, mass spectra were recorded
3

in full scan mode (50e500 m/z).

2.7. Analysis of bisphenols and benzophenone UV filters

Preparation of pristine MPFs and aqueous leachates (UV and
short-term 14-day leachates) for the analysis of BPs and BzPs was
performed using solid-liquid extraction (SLE) and liquid-liquid
extraction (LLE). Details of the MPF and leachate extraction and
sample preparation approach are presented in the SI. Ultra-
performance liquid chromatography tandem mass spectrometry
(UPLC-MS/MS) analysis was conducted according to a modified
approach previously reported by Asimakopoulos et al. (2014a,
2014b). Specific details concerning the UPLC-MS/MS analysis
method, including quality assurance and quality control measures
are available in the SI (Methods, Tables S2eS6 and Figs. S2eS3).

2.8. Data analysis and statistical treatment

For non-target analysis, GC chromatograms and mass spectra
were recorded in ChemStation software and MassHunter Un-
knowns Analysis software was applied to the raw data files for
deconvolution and tentative identification of analytes. Output files
were exported to. csv format for further processing using R (R Core
Team, 2017). In R, chemicals were filtered based on their presence
in at least 2 of 3 replicates and when >90% match to NIST 2017 li-
brary mass spectra was established. For the target analysis of BPs
and BzPs, UPLC-MS/MS data were acquired and processed using
Intellistart, MassLynx and TargetLynx software packages (Waters,
Milford, U.S.), with further processing in Excel (Microsoft, 2018). All
statistical analysis was conducted in GraphPad Prism (v. 8.02). For
UV-induced fragmentation data, a Kruskal-Wallis test was per-
formed within MPF groups (PET, PA, PAN) due to non-normal data.
For pairwise comparisons, Dunn’s multiple comparison tests were
employed. The statistical significance was set at P < 0.05.

2.9. Quality assurance and quality control (QA/QC)

Several QA/QC measures were implemented in the experi-
mental approach. First, all solvents used were analytical grade. All
glassware was pre-cleaned using detergent, rinsed thoroughly with
MilliQ water and then heat treated (>400 �C) to remove organic
impurities. Potential sources of additive contamination were
minimised by avoiding the use of any plastic equipment and using
only pre-washed glass and metal items. All filters were solvent
rinsed prior to use. To reduce potential issues with contamination
by plastic additives from sources other than the MPFs, the additive
chemical profile was first determined in the pristine MPF materials
and only those chemicals identified by strong mass spectral
matches or suspected degradation products were targeted for
analysis in the leachate studies. For BzP and BP analysis, samples
were prepared in pre-cleaned polypropylene tubes and any
contamination arising from laboratory materials and solvents was
evaluated by the analysis of procedural blanks. For each batch of 10
samples analysed, one procedural blank was analysed simulta-
neously, and a calibration check standard was injected after every
25 samples as a check for drift in instrumental sensitivity. In
addition, a methanol blank (LC-MS analysis) was injected after
every two samples and a DCM blank (GC-MS analysis) was injected
after every five samples as checks for carry-over between samples.

3. Results and discussion

3.1. Fragmentation of fibres following UV-light exposure

After both 5 and 10 months of exposure, fragmentation was
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observed for the PET and PA fibres, but not for PAN. Changes in the
mean MPF length of UV exposed samples in seawater are discussed
below, while median changes in MPF length are presented in the SI
(Table S7). Black PET MPFs significantly decreased in length
(Kruskal-Wallis; P < 0.0001; Fig. 1A) from a mean value of
1303 mme217 mm (83.4% decrease) and 140 mm (89.3% decrease)
after 5 and 10 months UV exposure, respectively. Although there
was a slight decrease in mean MPF length from 5 to 10 months, this
was not significant (Kruskal-Wallis; P > 0.99). White PET also dis-
played a significant decrease in MPF length (Kruskal-Wallis;
P < 0.0001; Fig. 1B) from a mean value of 1388 mme80.2 mm (94.2%
decrease) and 63.0 mm (95.5% decrease) after 5 and 10 months UV
exposure. Similarly, PA exhibited a significant decrease in MPF
length (Kruskal-Wallis; P < 0.0001; Fig. 1E) from a mean value of
1453 mme550 mm (62.2% decrease) and 373 mm (74.3% decrease)
after 5 and 10 months UV exposure, respectively. The change in
length from 5 to 10 months was insignificant (Kruskal-Wallis;
Fig. 1. Change in length (mm) of black PET (A), white PET (B), blue PAN (C), orange PAN (D
controls (no UV) in seawater (SW) and freshwater (FW). Statistical analysis was performed
bars: minima and maxima; black dots represent outliers. Lowercase letters (a, b) denote
interpretation of the references to color in this figure legend, the reader is referred to the

4

P > 0.99). In contrast to PET and PA, PAN MPFs (Fig. 1C and D)
showed no significant change in mean MPF length after 10 months
UV exposure. No significant fragmentation or change in mean fibre
length was observed in any dark control sample over the duration
of the study. Furthermore, no significant differences were observed
between seawater and freshwater exposure media for any MPF
materials.

UV-light induced fragmentation suggests that PET and PA can
degrade more readily in surface or shallow waters in aquatic en-
vironments that receive sunlight. In contrast, PAN is likely to be
more persistent under the same conditions. It should be noted that
all MPFs investigated in the current study are denser than seawater
and freshwater and that UV exposure will not be a viable degra-
dation mechanism once they have settled below the photic zone.
The photodegradation of white PET resulted in increased brittle-
ness and yellowing (Fig. S5), which is in line with previous obser-
vations (Andrady, 2003). While an increase in PA brittleness was
) and white PA (E) MPFs after 5- and 10-months simulated UV exposure and in dark
within groups: PET, PAN and PA, respectively. Boxplots: median and 25:75 percentiles;
significant difference in MPF length for each material. n ¼ 30 for all samples. (For

Web version of this article.)
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evidenced by the reduction in mean MPF length; no yellowing was
observed following UV irradiation. This may be attributed to the
use of anti-yellowing additive chemicals in the manufacture of
polyamides (Andrady, 2003; Weedon and Decaprio, 1971). PAN can
undergo photodegradation as demonstrated in laboratory-based
studies, however environmental photodegradation has not been
previously assessed (Aggour and Aziz, 2000; Jellinek and Bastien,
n.d.; Jellinek and Schlueter, 1960). The analogous changes in MPF
length between exposure media in the current study indicated that
salinity does not appear to significantly influence UV induced
fragmentation.
3.2. Changes in MPF surface morphology

Black PET MPFs displayed orthogonal surface microcracking
after 5 months of UV irradiation, with an apparent increase in
abundance after 10 months (Fig. 2A). Interestingly, SEM images of
white PET presented the formation of small holes or dimples along
the surface after 5 months of UV exposure (Fig. 2B) rather than the
microcracks observed for black PET. After 10 months of UV irradi-
ation, the surface morphology of white PET appeared to be similar
to that after 5 months of exposure, but with the presence of visible
orthogonal microcracking. The appearance of surface microcracks
infers an increase in sample brittleness, which may indicate further
photodegradation. Deep holes and crevices were evident in the
surface of PA after 5months of UV exposure (Fig. 2C), which became
deeper and more distinct after 10 months. SEM images of blue and
orange PAN showed little evidence of surface degradation. Minute
holes were visible on the surface of blue PAN after 5 months of UV
irradiation (Fig. 2D), increasing in both frequency and size after 10
months, implying the initial stages of degradation may be pro-
ceeding. SEM images of orange PAN MPFs showed little change in
surface morphology after 5 and 10 months of UV exposure (Fig. 2E).
It is evident from SEM micrographs that the MPF surface did not
photodegrade homogenously. It was uncertain why this occurred
but may be associated with nanoscale defects and uneven distri-
bution of additive chemicals (e.g. UV stabilisers). Comparable ob-
servations were seen in MPFs exposed in freshwater media
Fig. 2. SEM micrographs showing changes in surface morphology before (0m) and after
magnification. Where A is black PET, B is white PET, C is white PA, D is blue PAN and E is o
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(Figs. S6eS10), apart from PA which appeared to show a lower
degree of change in surface morphology in freshwater media
relative to seawater (Fig. S8).

Cracking or microcracking is often described in the UV degra-
dation of PET, however the formation of small holes observed on
the surface of white PET MPFs was not previously reported in
laboratory photodegradation studies (Armstrong et al., 1995). Small
holes have been observed on the surface of polycarbonate films
after hydrolytic degradation studies (Chandure et al., 2014). This
can indicate that hydrolysis is occurring concurrently with UV
photodegradation in the current study. Despite a thorough litera-
ture search, the extent of the UV-initiated surface morphology
changes observed in PA in this study are not reported previously.
Surface microcracking was previously observed in photodegraded
PA films, but the formation of deep fissures was not described
(Ksouri and Haddar, 2018). In a study of field samples, formation of
irregular pores, pits and cracks on the surface of PA and PET fibres
similar to the ones observed in the current study was identified and
related to environmental degradation (Sathish et al., 2019). This
drastic UV-induced transformation in the surface morphology of PA
suggests that nano-sized particles can be a product of the envi-
ronmental weathering of MPFs, especially when combined with
mechanical forces. This is a potentially significant finding, as nano-
sized fragments are considered more bioavailable and can trans-
locate into biological tissues (Dawson et al., 2018; Revel et al., 2018).
Future studies on the potential for MPF nano-fragmentation under
environmentally relevant exposure conditions are therefore rec-
ommended. While PAN MPFs did not undergo notable changes of
their surface morphology, the blue PAN MPFs did present greater
variations than the orange PAN MPFs. It was hypothesised this may
be associatedwith differences in the additive chemical composition
of the two materials, including the colorant or dye used.

MPF photodegradation rates depend on many intrinsic physi-
cochemical properties and extrinsic environmental factors. While
PET and PA showed a greater extent of degradation in this study,
these materials may not be illustrative of all types of PET, PA and
PAN used in textiles or found in the environment. The physico-
chemical properties of the materials, e.g. the presence of UV
5- (5m) and 10-month (10m) UV exposure in seawater. Images are taken at 2000x
range PAN. Scale bars represents 5 mm.
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stabilisers and antioxidants, would hinder the rate of environ-
mental degradation, prolonging environmental lifetimes. In
contrast, the presence of other additive chemicals could increase
the susceptibility of a particular material to degradation processes
(Deterre et al., 2014).
3.3. Changes in polymer chemistry

The pristine FTIR spectrum of PET was previously characterised
(Ioakeimidis et al., 2016; Parvinzadeh and Ebrahimi, 2011; Vahur
et al., 2016). A decrease in absorbance was observed at peaks
1711 (nC¼O), 1238 (nC-O) and 1090 cm�1 (nC-O) in UV exposed
black PET fibres (Fig. S11) relative to controls. Similar to black PET, a
decrease in absorbance in white PET was observed at peaks 1711
(nC¼O), 1238 (nC-O) and 1090 cm�1 (nC-O) in UV-irradiated sam-
ples (Fig. S13) relative to pristine and control samples. Observed
decreases in absorbance can indicate UV-induced oxidation. The
appearance of a band at 3315 cm�1 for white PET in seawater after 5
months of UV exposure was likely associated with insufficient
rinsing of this material prior to analysis, as residual salts could
result in moderate to strong peaks in the 3000-3500 cm�1 range,
potentially corresponding to eNH (Patty et al., 2017). The absence
of this peak in freshwater samples (Fig. S14) further supports this
hypothesis.

The FTIR spectrum of pristine PA was characterised previously
(Porubsk�a et al., 2012; Vahur et al., 2016). UV-exposed PA displayed
increased absorption relative to the dark control at peaks
3295 cm�1 (nN-H), 2921 cm�1 (nC-H), 1631 cm�1 (nC¼O) and
1530 cm�1 (dsN-H) (Fig. S15). The increased absorption in UV-
exposed PA was consistent with a study examining the acceler-
ated photodegradation of PA and is likely attributed to imide for-
mation from photodegradation (Thanki and Singh, 1998).

The FTIR spectrum of pristine PANwas characterised in previous
studies (Ribeiro et al., 2015; Vahur et al., 2016). Both blue and or-
ange PAN showed no shifts in absorbance associated with UV
irradiation (Figs. S17 and S19). However, the formation of peaks at
~1600 cm�1 and increased intensity at 2915 and 2446 cm�1 in dark
controls were attributed to the presence of bacteria. This was
further supported by the absence of these peaks in UV irradiated
samples as UV-light is a known bacterial growth inhibitor.50

After 5 months of UV exposure, PET MPFs showed decreases in
carbonyl indices from 2.95 for the pristine material (t ¼ 0) to 1.44
and 1.00 for PET in freshwater and seawater, respectively (Fig. S21).
This is consistent with the observed decreases in absorbance in the
FTIR spectra (Fig. S11 and Fig. S12) and changes in the surface
morphology and degree of fragmentation. Nevertheless, there was
no clear temporal trend as carbonyl indices did not decrease after
10 months, suggesting that further changes in surface chemistry
did not occur. PA MPFs displayed increased carbonyl indices after 5
months of UV exposure (Figs. S15 and S16), increasing from 1.17 for
the pristinematerial (t¼ 0) to 2.11 and 7.69 for PA in freshwater and
seawater, respectively. This is consistent with the observed in-
creases in absorbance in the FTIR spectra (Fig. S23), the observed
changes in surface morphology and the degree of fragmentation.
Carbonyl indices of PA in freshwater and seawater increased after
10months, indicating a temporal pattern of increasing degradation.
In the case of the PAN MPFs, no obvious trends were identified in
the FTIR spectra or the calculated carbonyl indices (Figs. S24 and
S25) after 5 and 10 months of UV exposure, which is consistent
with the absence of changes in surface morphology and lack of
fragmentation.
6

3.4. Non-target chemical profiling

A combination of non-target analysis by GC-MS and targeted
analysis of BPs and BzPs by UPLC-MS/MS were used as they are
complementary to one another. Furthermore, GC-MS is considered
more suitable for non-target analysis due to the extensive mass
spectral libraries available. A range of chemicals, including mono-
mers, degradation products and UV stabilisers were tentatively
identified in the pristine MP and wool fibres, 5- and 10-month UV
leachates and short term 14-day leachates (Tables S9eS12). In
general, tentatively identified chemicals were unique to each MPF
type. The two exceptions to this were (i) nonanal identified in both
PET and wool, and (ii) ethyl 4-ethoxybenzoate present in both PAN
and wool. Nonanal is used in perfumes but other uses cannot be
excluded (Arctander, 2019). Ethyl 4-ethoxybenzoate is a known
plastic additive and used during the manufacture of a range of
plastics, which can explain its occurrence in PAN (National Center
for Biotechnology Information PubChem Database, n.d.). Its pres-
ence in wool can be associated with industrial processing on the
samemachinery as synthetic textiles or could be an external source
of contamination. A considerable number of identified chemicals
could not be classified based on known uses. It is evident from this
non-target approach that a considerable proportion of chemical
compounds are either not available in spectral databases or very
little literature exists about their use and potential environmental
impact. Further investigation of leachates using high-resolution MS
could help elucidate the structure and identity of chemicals present
in plastic and plastic leachates, but progress on the automated data
analysis front is also needed to handle the complexity of these
datasets for high-throughput characterisation (Zimmermann et al.,
2019).

Non-target chemical profiling of the aqueous media from 5- and
10-month UV exposure studies tentatively identified chemicals that
leached out during environmental photodegradation (in addition to
potential degradation products). Potential degradation products
were identified in PET MPFs after UV exposure, where all presented
similar structures to the starting monomer and were not present in
pristine PET MPFs (Table S9). Acetophenone was identified as a
chemical in both pristine PET fibres and UV leachates. As aceto-
phenone is used as a catalyst in polymerisation this likely accounts
for its presence in both PETMPFs and their UV leachates (Frick et al.,
2014). Caprolactam was the only chemical identified in both pris-
tine PA fibres and respective UV leachates, which was attributed to
its use as a starting material in the polymerisation of PA (Table S10)
(Zhang et al., 2019). Furthermore, a potential degradation product
(2-methyl-2-butenal) was identified in leachates after 10 months
UV exposure. No chemicals were identified in both pristine PAN
MPFs and UV leachates, although ethyl 4-ethoxybenzoate was
identified in the 10-month UV leachates (Table S11). Due to the size
constraints of the UV exposure chamber, wool was not included in
the UV studies and as such the potential for additive leaching from
wool could not be assessed. Generally, there were few chemicals
identified in both pristine MPFs and UV leachates. This can be
attributed to relatively low fibre concentrations (1 mg mL�1),
combined with the photodegradation of any leached chemicals
under the harsh and long exposure conditions.

To determine if additive chemicals present in the MPFs have the
potential to leach into aquatic environments, 14-day leachate
studies were conducted with high MPF concentrations (10 mg
mL�1). For PET, no chemicals identified in pristine materials were
determined in the 14-day leachates. For PA MPFs, caprolactam and
cyclopentanone, 2 of the 3 chemicals tentatively identified in
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pristine PA MPFs were also present in the 14-day seawater leach-
ates, but not the freshwater leachates. In pristine PANMPFs, 2 out of
6 tentatively identified chemicals (ethyl 4-ethoxybenzoate and
2,2,5-trimethylhexane-3,4-dione) were also present in the 14-day
freshwater leachates. For the wool fibre, 3 out of the 9 tentatively
identified chemicals (cyclobutane-1,1-dicarboxamide N,N0-di-ben-
zoyloxy-; ethyl 4-ethoxybenzoate and oxalic acid allyl nonyl ester)
were also present in aqueous leachates. Based on this study, addi-
tive leaching from MPFs can be impacted by relative salinity. The
non-target approach indicated that chemical residues could leach
out of certain MPFs and wool in the environment.

3.5. Occurrence of bisphenols and benzophenones in MPFs and
leachates

The concentration of BPs and BzPs in the pristineMPFs andwool
fibres are presented in Fig. 3 and Table S8. BPA was the most
abundant BP across all samples, with median concentrations
ranging between 25.4 (PET white) and 501 ng/g (wool). Bisphenol S
(BPS) was the second most abundant BP found in all MPFs and
wool, ranging between 0.29 (PAN orange) and 1.96 ng/g (wool).
Interestingly, wool showed the highest total BP content at 560 ng/g,
followed by PAN blue (165 ng/g), PAN orange (105 ng/g), PA
(73.6 ng/g), PET black (87.8 ng/g) and PET white (25.8 ng/g). Wool
also contained the highest prevalence of BPs (4 in total: BPA, BPS,
bisphenol AP (BPAP) and bisphenol F (BPF)). Of the BP-UV filters,
benzophenone-3 (BzP-3) was found at the highest concentration
across all fibre types. The lowest median concentrations of BzP-3
were found in blue and orange PAN at 4.33 and 7.77 ng/g, respec-
tively. Higher, but similar median BzP-3 concentrations were found
in PA, white PET, black PETandwool at 13.6,17.0,17.9, and 20.7 ng/g,
respectively. Similar to BPs, wool showed the highest total BzP
content at 26.9 ng/g, followed by PET black (18.7 ng/g), PET white
(17.1 ng/g), PA (13.1 ng/g), PAN orange (8.5 ng/g) and PAN blue
(4.97 ng/g). There was no noteworthy difference in the BzP chem-
ical profiles between the 6 materials, with each containing varying
levels of benzophenone-1 (BzP-1), BzP-3 and 4-
hydroxybenzophenone (4-OH-BzP), except for PA which con-
tained only BzP-3.
Fig. 3. Median concentration of target bisphenols and ben
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In general, the findings of this study agree with previous reports
of BP and BzP content in textiles. In recent studies examining the
occurrence of BPs and BzPs in children’s textiles, BPA, BPS and BzP-
3 were also themost prominent chemicals inMPFs andwool (Freire
et al., 2019; Xue et al., 2017). Higher median concentrations of BPA
and BPS were observed in coloured MPFs than in white or undyed
textiles, as observed by Xue et al. (2017). Furthermore, wool con-
tained the highest concentrations of BPs and BzPs in the current
study, which compares with a study that found cotton socks con-
tained higher BPA concentrations relative to synthetic socks (Freire
et al., 2019). In contrast, Xue et al. (2017) found synthetic clothing to
contain a higher concentration of BPs and BzPs relative to natural
textiles. The authors indicated that this may be related to the
presence of spandex in some of their test materials, where syn-
thetic blends (polyester with 1e2% spandex) had higher additive
content relative to 100% polyester. This indicates that textile
composition is an important factor when assessing the environ-
mental fate of synthetic, semi-synthetic and natural fibres. BPA has
reportedly been used as a finisher in PET fibre production, though
few studies investigated its occurrence in other textile types (Xue
et al., 2017). It is uncertain as to why wool contained the highest
median BPA concentration (501 ng/g), as no evidence concerning
the use of BPA in the processing of wool fibres was identified. The
next most abundant BP inMPFs andwool was BPS, with themedian
concentrations ranging between 0.43 and 1.95 ng/g. BPS is a com-
mon replacement chemical for BPA and therefore was expected to
be present in test MPFs.

BPs and BzPs were not detected in the 5- and 10-month UV
leachates or in the leachates from the high MPF concentration 14-
day studies. Apart from BPA, all BPs and BzPs were present in
pristine MPFs and wool fibres at low concentrations (BPAF:
<LODe1.28; bisphenol AP, BPAP: <LODe5.49; BPF: <LODe62.8;
bisphenol P, BPP: < LODe0.07; BPS: <LODe2.65; BzP-1:
<LODe10.1; BzP-3: 3.29e27.7 and 4-OH-BzP: <LODe3.55 ng/g),
which explains the apparent lack of additive leaching. BPs and BzPs
were shown to leach from plastic materials, although these studies
were often conducted at higher temperatures or with materials
containing a high proportion of additives (Sajiki and Yonekubo,
2003; Tan and Mustafa, 2003). MPFs used in 14-day leachate
zophenone UV filters in study MPFs and wool (n¼3).
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studies were ~5 mm in length, larger than the length range
(1e2.5mm) used in the UV exposure studies, the lower surface area
or slower leaching rate may explain the absence of BPA. BPA was
shown to undergo photodegradation under simulated environ-
mental conditions (Sajiki and Yonekubo, 2003), suggesting any BPA
leaching from the MPFs or wools fibres in UV exposed leachates
may have photodegraded and was no longer detectable. The low
fibre concentration used in the UV exposure studies (1 mg MPF
mL�1) was chosen to increase the environmental relevance but
could also explain the lack of detectable leaching of BPA and other
target analytes.

The identification of BzPs in the pristineMPF andwoolmaterials
suggests theymay be added to the fibre as UV stabilisers to increase
the durability of the final textiles. Although it was not a specific goal
of the current study to assess the relationship between UV stabi-
liser content and the level of UV degradation observed for MPFs, we
hypothesise that this group of additive chemicals may play a key
role. UV stabilisers act by adsorbing the UVwavelengths, protecting
the surrounding polymer, but being consumed in the process. It is
therefore possible that degradation profiles of MPFs containing UV
stabilisers may experience a significant delay until the additive is
fully consumed. We suggest that this should be a focus of future
studies, alongside investigating the role of degradation in the
release of other additive chemicals present in MPFs.

4. Conclusions

PET and PA MPFs significantly fragment and undergo changes in
surface morphology following up to 10 months UV exposure, with
PA also exhibiting alterations in surface chemistry. Conversely, no
degradation of PAN was observed in the same exposure period.
Corresponding monomers, UV stabilisers and degradation products
were observed in bothMPFs and their leachates following exposure
in water. Interestingly, wool fibres displayed higher BP and BzP
content than synthetic fibres. Given the greater extent of degra-
dation observed for PET and PA, it is proposed that faster degra-
dation rates are a desirable property in synthetic textiles, resulting
in fewer interactions or potential exposures with aquatic biota
before complete remineralisation occurs. Further research is
necessary to elucidate the extent to which chemical additive con-
tent and MPF composition is driving degradation. Similar changes
in length, morphology and polymer chemistry between seawater
and freshwater conditions imply that relative salinity does not play
a significant role in the rate of photodegradation in test MPFs.
However, salinity may influence additive chemical leaching.
Further research investigating the degradation of wool in combi-
nation with other natural and semi-synthetic fibres is necessary to
determine if MPFs pose a greater risk than other fibre types. This
study demonstrates the importance of environmental parameters
and material-specific properties in understanding the degradative
fate of MPFs in aquatic environments.
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